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Abstract: Estimates of vegetation attributes measured by sampling often inform scientific inference, management 
actions, and policy decisions. However, different sampling methods and sample sizes (i.e. number of plots) can 
yield significantly different estimates of vegetation attributes. This occurs because the abundance distributions 
and spatial distributions of species in the plant community influence their probabilities of detection and estimates 
of their abundances. We predicted that different sampling methods and sample sizes would produce significantly 
different estimates not only of vascular plant species diversity, but also of indigenous dominance (the level 
of indigenous influence) in mixed vegetation where indigenous and exotic floras have different abundance or 
spatial distributions. To test our predictions we applied three sampling methods to 24 plots in grassland and 
cushion vegetation in a 1058-ha scientific reserve in the Upper Waitaki (Mackenzie) Basin, New Zealand. Our 
methods sampled ground areas from 0.65 to 400 m2, and included two variants of common ‘subsampling’ 
approaches, which assessed only discrete subunits within larger plots. Indigenous plant species were both less 
abundant on average and more spatially-clustered (i.e. less evenly dispersed across plots) than exotic species. 
The two subsampling methods were less likely to detect less abundant and more spatially clustered species, 
leading to lower ratios of indigenous to exotic species recorded, and lower estimates of indigenous dominance 
of composition (% of species indigenous). Numbers of indigenous species accumulated more rapidly with 
increasing sample size than numbers of exotic species, so that indigenous dominance also increased with the 
number of plots sampled. We conclude that properly measuring species diversity and indigenous dominance in 
mixed indigenous-exotic plant communities requires both the searching of sizeable plots and use of rarefaction 
rather than plot-averaging of statistics. We suggest greater use of rarefaction and more consideration of species’ 
detection probabilities in sampling New Zealand’s mixed indigenous–exotic plant communities should improve 
the reliability, transparency and comparability of measures of diversity and may also provide new ecological 
insights.

Keywords: mixed indigenous-exotic vegetation; New Zealand short tussock grassland; species abundance 
distribution; species density, species richness; species spatial distribution; Upper Waitaki Basin; vegetation 
assessment

Introduction

Many ecological investigations and assessments in 
New Zealand describe and report a few common attributes 
of vegetation. For example, it is usual to count the number 
of species observed at a chosen scale, and to apply one of a 
variety of quantitative sampling methods to measure species’ 
abundances. In mixed indigenous–exotic plant communities 
in New Zealand, the level of indigenous species’ influence 
on the vegetation is also often described, using a measure 
of ‘indigenous dominance’ (Lee et al. 2005) such as the 
percent of species or total abundance in the community that 
is indigenous. In past studies, measures of floristic richness, 
abundance, and indigenous dominance have been derived 
from a wide range of vegetation sampling designs, plot and 
transect sizes and shapes, and measurement techniques. They 
have had diverse applications, including in the assessment of 
ecological integrity (e.g. Carswell et al. 2012), short- and long-
term temporal trends (Day & Buckley 2013), consequences 
and patterns of invasions (e.g. Crisp et al. 1998; Tomasetto 
et al. 2013), and effects of management (Meurk et al. 1989). 

Thresholds of floristic richness, abundance, and indigenous 
dominance are also being included in District Plan indigenous 
vegetation clearance rules under the Resource Management 
Act (1991), and can determine whether clearance of a mixed 
plant community is permitted.

Different vegetation sampling methods have been shown 
to deliver significantly different estimates of species richness 
and abundance (e.g. Stohlgren et al. 1998; Kercher et al. 2003; 
Leis et al. 2003; Prosser et al. 2003). These differences arise 
partly from interactions between species abundances and 
spatial arrangements in the plant community and the spatial 
scale and spatial arrangements of the units used to sample them 
(Hurlbert 1990; Gotelli & Colwell 2001; Green & Plotkin 2007). 
The spatial scale or coverage of sampling affects estimates 
of species diversity because species’ numbers accumulate 
fundamentally with the number of individuals sampled, leading 
to accumulation also with sampling effort or the area that is 
sampled (Gotelli & Colwell 2001). Species accumulation with 
sampling effort is non-linear, often approximating a power 
curve, so methods sampling greater areas of habitat encounter 
greater total numbers of species, but lower numbers of species 
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per unit area sampled (i.e. ‘species density’ sensu Gotelli & 
Colwell (2001)). Rates of species accumulation with increasing 
effort (or area sampled) are affected by the distribution of 
commonness and rarity of species in the community (‘species 
abundance distributions’ sensu May 1988; Denslow 1995; 
Chase & Knight 2013); more individuals must be sampled in 
order to encounter rarer species, so a given effort will detect 
a higher percentage of species when species’ abundances are 
similar than where there are few common and numerous less 
abundant species. Both species detection probabilities and 
species abundance estimates are also affected by the dispersion 
or aggregation (‘clustering’) of conspecific individuals in the 
plant community and the arrangements of sampling units 
(Green & Plotkin 2007).

If indigenous and exotic species in a plant community 
have different abundance or spatial distributions, then 
probabilities of species detection are likely not only to vary 
with sampling method and effort, but also to differ between 
the community’s indigenous and exotic plant components. 
Consequently, different sampling methods will yield different 
ratios of indigenous and exotic species’ numbers per sample, 
and different rates and patterns of indigenous and exotic 
species’ accumulation across multiple samples. Estimates of 
indigenous dominance of composition (e.g. the percentage of 
plant species that are indigenous) will therefore vary with both 
method and sample size (i.e. numbers of samples).

In this paper we ask how much, and why, sampling method 
and sample size affect estimates of vascular plant species’ 
diversity and indigenous dominance of species composition 
in a mixed indigenous–exotic plant community. We use data 
collected in short tussock grassland and cushion vegetation in 
Lake Tekapo Scientific Reserve (LTSR) on the floor of the Upper 
Waitaki Basin. These types of plant community are a relevant 
case for our study first because they are important habitats 
for endemic biota that are frequently targeted for agricultural 
development (Weeks et al. 2013), so vegetation assessments are 
regularly required to inform resource management decisions. 
Second, exotic vascular plant species appear to be fewer in 
number but more abundant on average than indigenous vascular 
plant species, and several indigenous plant life-form groups 
(e.g. tussock grasses and cushion subshrubs and herbs) have 
distinctly clustered local spatial distributions. Third, many 
different sampling methods have been used in these types 
of communities in the past (e.g. Scott 1965; McCraw 1988; 
Meurk et al. 1989; Treskonova 1991; Rose et al. 1995; Wiser 
& Rose 1997; Walker 2000; Duncan et al. 2001; Meurk et al. 
2002; Walker et al. 2003; Day & Buckley 2013; Bellingham 
et al. 2013). We applied three such methods to the same set of 
24 permanent monitoring plots in January 2011. The methods 
sampled ground areas from 0.65 to 400 m2, and included two 
variants of a commonly used ‘subsampling’ approach, which 
assesses only discrete subunits within larger plots.

We test two assumptions and two predictions. Our 
assumptions, based on observation, were that there were more 
indigenous plant species than exotic species in plots at the site, 
but that indigenous species were on average less abundant and 
more spatially clustered than the exotic species, and therefore 
less likely to be detected in sampling. Therefore, we predicted 
first that methods assessing dispersed subsamples and covering 
smaller total ground areas would detect smaller fractions of the 
indigenous species present than of the exotic species present, 
and produce lower estimates of indigenous dominance of 
species composition (i.e. the percentage of observed species 
that are indigenous). Our second prediction was that numbers 

of indigenous species observed would rise (or ‘accumulate’) 
more rapidly with increasing sample size (numbers of plots) 
than numbers of exotic species, so that indigenous dominance 
of composition would also rise. Overall, we expected that 
sampling smaller areas, discontinuous subplots (rather than 
entire plot areas), and/or fewer plots would all bias estimates 
of indigenous species diversity and dominance of species 
composition downwards.

We first compare the abundance and local spatial 
distributions of exotic and indigenous species and plant 
life-form groups, and then ask whether differences explain 
observed disparities in vegetation statistics between different 
sampling methods and sample sizes. We discuss practical 
implications of our results for the assessment of species 
diversity and indigenous dominance of species composition in 
mixed indigenous–exotic plant communities in New Zealand.

Methods

Study area and plot placement
Lake Tekapo Scientific Reserve covers 1058 ha of short tussock 
grassland and cushion- and mat-dominated vegetation south of 
Lake Tekapo in the north of the Upper Waitaki (or ‘Mackenzie’) 
Basin (Espie 1997). The reserve covers five major landform 
types (Fig. 1) lying between 660 and 790 m elevation.

Twenty-four permanent 20 × 20 m grassland monitoring 
plots were sampled in the reserve in January 2011 (Walker 
et al. 2015; see this issue). Twelve of the plots were first 
established in 1993 and are distributed among the five 
landforms as follows: moraine (3 plots), moraine fan (1 plot), 
outwash plain (4 plots), escarpment (2 plots), river terrace (2 
plots) (Espie 1997; Fig. 1). In January 2011 we established 
and permanently marked a further 12 permanent plots (20 × 
20 m; 8 on the outwash plain, 3 on the moraine fan, and 1 on 
the river terrace; Fig. 1) to improve replication and spatial 
representation of monitoring in the reserve. We used generalised 
random tessellated sampling (GRTS; Stevens & Olsen 2004) 
to position these new plots randomly, but spread out in space, 
across the different landforms.

Sampling methods
We sampled vascular plants in each of the 24 plots in January 
2011 using three methods:
1. A modified Scott height-frequency method (Scott 1965)

(hereafter ‘HF’; Fig. 2 left) recorded the presence of
all vascular plant species in 10 × 10 × 10 cm vertically
contiguous cubes to the maximum height of the vegetation 
at 65 ‘points’ within each plot. Within each plot, basal
sampling ‘points’ of 10 × 10 cm were positioned at 1.5-m 
intervals along five parallel 20-m sampling lines spaced
3.5 m apart (i.e. 13 ‘points’ per line × 5 lines per plot =
65 ‘points’ per plot), with the first and fifth line running
parallel to, and 3 m from, the eastern and western plot
boundaries. Species records were aggregated across the
sixty-five ‘points’ (total ground area 0.65 m2).

2. An eight-quadrat (hereafter ‘8Q’) method (Fig. 2, right)
recorded the presence of all vascular plant species in eight 
permanent quadrats of 0.5 × 0.5 m within each plot, with
quadrat centre-points at coordinates specified by Allen
et al. (1983) and Wiser & Rose (1997). Species records
were aggregated across the eight quadrats (total ground
area 2.0 m2).
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Figure 1. Location and plan of 
Lake Tekapo Scientific Reserve 
(LTSR) showing the main 
geographic and landform features 
and boundaries. Positions of 
twelve original sampling plots 
(established 2003) are indicated 
as grey symbols (moraine as 
squares, moraine fan as circles, 
outwash plain as triangles, 
river terrace as hexagons and 
escarpment as pentagons) and 
positions of twelve new plots 
(established in 2011) are shown 
as unfilled symbols.
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Figure 2. Layout of discrete 
subsampling units within 20 × 
20 m vegetation plots for the 
HF and 8Q sampling methods 
(left and right, respectively). 
For each quadrat in the 8Q 
method, centre peg coordinates 
are shown in metres from the 
origin peg (labelled ‘Or.’). The 
HF and 8Q methods sampled 
ground areas of 0.65 and 2.0 m2 
respectively. A third (‘Recce’) 
method sampled the entire plot 
(ground area 400 m2).

3. A modified Recce method (adapted from Hurst & Allen
2007) sampled the whole 400-m2 area of each 20 × 20 m
plot. Percent cover (hereafter ‘Recce cover’), was estimated
for each vascular plant species detected to the nearest 1%
in each of two height tiers (0–30 cm and 30–100 cm). The
cover of a species with <1% cover in any tier was assigned 
as one of four cover values (1A to 1D) corresponding to
0.25%, 0.625%, 0.1% and 0.0025% cover respectively
(which are equivalent to continuous areas of 1 × 1, 0.5 ×
0.5, 0.2 × 0.2 and 0.1 × 0.1 m).

Plant origin and life-form groups
Each vascular plant species recorded was assigned to either 
the exotic or indigenous ‘origin group’ and to one of 13 ‘life-
form groups’. Species of dicot composite herb (i.e. eudicot 
herbs in the family Asteraceae) were split among three groups: 

‘hawkweed’ (comprising two exotic mat-forming Pilosella 
species), ‘cushion’ (indigenous Raoulia species), and ‘other’. 
Grasses were also represented by three groups: ‘dwarf grass’ 
(the xerophytic indigenous Poa maniototo, P. lindsayi and 
Agrostis mucosa), ‘tussock’ (indigenous Festuca novae-
zelandiae and Poa colensoi), or ‘sward grass’ (both indigenous 
and exotic). All subshrubs were indigenous and were divided 
into those with ‘mat’ (Carmichaelia and Coprosma petriei) or 
‘erect’ habit (all other species). Remaining groups were ‘dicot 
non-composite herb’, ‘shrub’ (tall woody species including 
wilding trees), and three wholly indigenous groups (‘orchid’, 
‘rush’ and ‘sedge’). We included a single record of the fern 
Pyrrosia elaeagnifolia within the ‘dicot non-composite herb’ 
group, and of the monocot herb Iphigenia novae-zelandiae 
within the ‘orchid’ group.
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Analyses
We used the software R ver. 3.1.0 (R Core Team 2013) and 
associated libraries of functions for analyses. Accumulation 
functions in the ‘vegan’ library (Oksanen et al. 2013) were used 
for rarefaction, and functions in the ‘Matching’ library (Sekhon 
2011) for Kolmogorov–Smirnov tests. Mixed-effects models 
were fitted with the lmer and glmer functions in the ‘lme4’ 
library (Bates et al. 2014), and fitted effects were averaged 
over other model terms with functions in the ‘effects’ library 
(Fox 2003). All models were checked for conformity with 
relevant statistical assumptions.

Did plant groups have different abundance and spatial 
distributions?
Abundance distributions of indigenous and exotic species 
were represented by empirical cumulative distribution 
functions (ecdf) of log-transformed Recce cover in each plot. 
Indigenous and exotic species’ first- and third-quartile ecdf 
values were compared using paired t-tests, and ecdfs across 
all plots were compared using a bootstrapped two-sample 
Kolmogorov–Smirnov test.

We calculated an index of spatial dispersion (or conversely, 
clustering) as the proportion of ‘8Q’ quadrats (out of eight) in 
which a species was observed in each plot. Spatial dispersion 
was fitted as a binomial variable in mixed-effects models with 
abundance, origin or life-form group, the abundance (i.e. Recce 
cover) × origin or life-form group interaction, and landform as 
fixed effects, and species as a random effect. Abundance was 
represented by cover measured by the Recce method because 
we required an abundance estimate for each species detection. 
The life-form-group fixed effect contrasted the other 12 groups 
with sward grasses, which showed median dispersal overall. 
Less-dispersed (i.e. more-clustered) origin and life-form groups 
were expected to occupy fewer 8Q quadrats at any given 
abundance, indicated by significant negative coefficients for 
fixed effects in the models.

Did abundance and spatial distributions influence detection?
Simulation was used to test whether different detectability in 
exotic and indigenous species was explained by differences 
in their abundance and their spatial distributions (the latter 
represented by life-form groups). We assessed detection success 
in the 8Q and HF methods against the standard of the Recce 
method (which recorded all species that were also recorded 
by the 8Q or HF methods in any plot, but may have failed to 
detect certain other cryptic or ephemeral species that were in 
fact present). We generated three binary conditional detection 
variables for each species observation:
• ‘Recce alone’ detection was 1 if a species was detected in 

a plot by the Recce method alone and by neither the 8Q 
nor the HF method, and 0 if the species was detected by 
the Recce method and either the 8Q or the HF method.

• ‘8Q’ was set to 1 if the species was detected by the 8Q 
method as well as the Recce method, and 0 otherwise.

• ‘HF’ was set to 1 if the species was detected by the HF 
method as well as the Recce method, and 0 otherwise.

We fitted two logistic mixed-effects models of each 
detection variable. In ‘origin’ models the fixed effect was origin 
group, and in ‘abundance/life-form’ models fixed effects were 
the natural log of Recce cover and life-form group. Landform 
was a covariate and species was a random effect in all models, 
so that comparisons of detection by various methods were made 

within, rather than across species. Model fits were assessed 
by regressing average per-plot fitted detection probabilities on 
average observed detection, variance explained was determined 
using the method of Nakagawa and Schielzeth (2013), and 95% 
highest posterior density intervals (HPDIs) were calculated 
for coefficients of each model term.

The three conditional detection probabilities for each 
species × plot observation were predicted in 1000 draws 
from the posterior distributions of the fixed- and random-
effect coefficients from the ‘abundance/life-form’ models. 
The median detection probability for indigenous species was 
subtracted from that for exotic species, and we determined 
whether 95% confidence of differences between medians 
excluded zero (indicating significant difference at P < 0.05).

Did method and sample size affect estimates of diversity and 
indigenous dominance?
We compared species richness and indigenous dominance 
estimates from multiple plots using rarefaction (an interpolation 
method that resamples sites without replacement) and 
Kolmogorov–Smirnov tests. First, we calculated and plotted 
average cumulative numbers of indigenous and exotic species 
observed (‘Sobs’) and the average observed indigenous 
dominance of composition (% species indigenous, hereafter 
simply ‘indigenous dominance’) in 1000 random draws of 
samples of n plots (where n = 3, 4 … 24). The resulting Sobs 
and indigenous dominance rarefaction curves were compared 
between method-pairs using bootstrapped two-sample 
Kolmogorov–Smirnov tests; this non-parametric test asks 
whether two samples come from the same distribution, and is 
sensitive to differences in mean as well as differences in the 
variance of a distribution (Wang et al. 2003).

We fitted generalised mixed-effects models to compare 
plot-scale estimates, namely numbers of (1) indigenous, and 
(2) exotic species recorded per plot (‘species densities’; Gotelli 
& Colwell 2001), and (3) plot-scale indigenous dominance. In 
each model, the fixed effect contrasted estimates from the 8Q 
and HF methods with those from the Recce method, landform 
was included as a covariate, and plot was an observation-level 
random effect (which also accounted for over-dispersion; 
Browne et al. 2005). Species densities were modelled assuming 
Poisson errors (with a log-link function). Plot-scale indigenous 
dominance was modelled assuming binomial errors (with a 
logit-link function) with number of indigenous species as the 
number of successes and number of exotic species as the number 
of failures in each ‘trial’ (i.e. plot). As confidence intervals for 
fixed effects we calculated 95% HPDIs based on 1000 draws 
from the posterior distribution using functions in the ‘arm’ and 
‘coda’ R libraries (Plummer et al. 2006; Gelman & Su 2014).

Results

Indigenous and exotic plant groups had different abundance 
and spatial distributions
Abundance distributions of indigenous and exotic species 
(Figs 3a,b) were significantly different overall (Kolmogorov–
Smirnov D statistic for cover recorded by the Recce method 
0.27, P < 0.001). There were more indigenous species with low 
abundance and fewer indigenous species with high abundance 
compared with a relatively even log-abundance distribution 
of exotic species in our 24 plots. Differences were largest 
between third abundance quartiles (Fig. 3c); thus there was 
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Figure 3. Abundance distributions of indigenous and exotic plant species in 24 vegetation plots in Lake Tekapo Scientific Reserve. 
Cumulative probabilities of species occurring at or below a given log-cover abundance (Ln Recce cover) are shown for (a) indigenous and 
(b) exotic species, with the stepped lines representing the empirical cumulative distribution functions (ecdfs) for species in each plot. In 
(c), boxplots compare the log-cover abundance values for indigenous and exotic species at the first, second (mean) and third cumulative 
probability quartiles (which we compared using paired t-tests). In (c) the central boxes show the interquartile range and medians, whiskers 
(error bars) indicate 10th and 90th percentiles, and open circles show values beyond that range. Vertical grey lines at zero represent 1% 
cover estimated by the Recce method.

a longer ‘tail’ of low-abundance indigenous species as we 
had expected, but an even longer ‘leader’ of high-abundance 
exotic species.

Indigenous species were less spatially dispersed (i.e. more 
clustered) than exotic species overall; occupying significantly 
lower percentages of 8Q quadrats at all levels of abundance 
(origin coefficient −1.50 [−2.28 to −0.74]; Fig. 4a). Differences 
were greater between indigenous and exotic species that were 
more abundant (origin × cover interaction coefficient −0.18 
[−0.12 to −0.07]), seen as greater disparities in dispersion at 
the right of Fig. 4a.

Most indigenous species were represented in more 
clustered life-form groups (Fig. 4b). Tall shrubs (both 
indigenous and exotic) and indigenous cushion-forming dicot 
composite herbs were the least dispersed (most clustered) 
life-form groups, and 95% HPDI indicated that both were 
significantly less dispersed than our reference sward-grasses 
group. Low levels of dispersion were also seen in the wholly 
indigenous ‘tussock’, ‘erect subshrub, ‘mat subshrub, ‘other 
dicot composite herb, and ‘sedge’ groups, and also in the mixed 
‘sward grass’ and ‘dicot non-composite herb’ groups (Fig. 4b). 
Exotic ‘hawkweed’ and indigenous ‘dwarf grass’ groups were 
both significantly more dispersed than the reference ‘sward 
grass’ group.

Abundance and spatial distributions influenced detection
Indigenous species had higher ‘Recce alone’ and lower ‘8Q’ 
and ‘HF’ conditional detection probabilities than exotic species 
in our plots (Table 1a–c). Our ‘abundance/life form’ models 
indicate that abundance and life-form group both significantly 
affected conditional probabilities of detection (Table 1d–f) 
and together explained more of the variance in detection 
than ‘origin’ alone (indicated by higher overall and plot R2 in 
Table 1). Simulations from posterior distributions showed that 
abundance and life-form group together predicted the lower 
detection probabilities we observed for indigenous species 
than exotic species (95% confidence intervals in our three 
‘difference between medians’ statistics excluded zero; Fig. 5a).
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Figure 4. Modelled effects of (a) species origin and (b) life-form 
group (error bars are 95% confidence intervals) on dispersion 
(the proportion of 8Q quadrats occupied by a plant species) 
within 24 vegetation plots in Lake Tekapo Scientific Reserve. 
In model (a) there was a significant interaction between origin 
and abundance so effects are shown at five abundance levels (Ln 
Recce cover −4 to 4, labelled directly on the figure). Asterisks 
indicate dispersion was significantly higher or lower than in the 
reference sward-grass group. All effects are averaged over other 
terms in the model (Fox 2003).
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Figure 5. Three conditional probabilities of species’ detection (‘Recce alone’, ‘8Q’ and ‘HF’) within 24 vegetation plots in Lake Tekapo 
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differences in median detection probabilities for indigenous and exotic species in models with species abundance and life-form group 
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open circles show values beyond that range. In (b), labelled bold lines show averages and narrower lines show 95% HPDI of detection 
probabilities predicted by the model’s abundance coefficient. Vertical grey gridlines indicate untransformed cover levels, including the 
four values 1A to 1D (corresponding to 0.25%, 0. 625%, 0.1% and 0.0025%, respectively) and the grey background distinguishes species 
observations with Recce cover <1%.

Table 1. Model-fit statistics and coefficients [and 95% HPDI limits] of fixed effects from logistic mixed-effects models of three (‘Recce 
alone’, ‘8Q’ and ‘HF’) conditional probabilities of species’ detection in 24 vegetation plots in Lake Tekapo Scientific Reserve. Coefficients 
are shown on the logit scale of the link function, and statistically significant effects and contrasts are shown in bold. Italic row labels indicate 
wholly indigenous life-form groups, and the asterisk indicates the single wholly-exotic group (i.e. hawkweeds). N-S R2 is the variance 
explained by the model calculated according to the method of Nakagawa & Schielzeth (2013), and Plot R2 is the variance explained by 
a regression of mean detection probability in a plot predicted by the model on the observed data, calculated across all species (and then 
for exotic and indigenous species separately).
__________________________________________________________________________________________________________________________________________________________________

 Recce alone  8Q HF
Conditional probability modelled (1 if the species was detected (1 if the species was detected (1 if the species was detected 
 only by the Recce methods, by both the 8Q and Recce by both the HF and Recce 
 and 0 otherwise) methods and 0 otherwise) methods and 0 otherwise)
__________________________________________________________________________________________________________________________________________________________________

‘Origin’ models: detection ~ origin (indigenous vs exotic) + landform
 (a) (b) (c)
Model fit statistics N-S R2 0.21 N-S R2 0.41 N-S R2 0.51
 Plot R2 0.32 (0.14, 0.23) Plot R2 0.10 (0.13, 0.10) Plot R2 0.41 (0.19, 0.36) 
Origin group coefficient   
Indigenous species 0.91 [0.02 to 1.72] −1.01 [−1.89 to −0.22] −1.06 [−2.08 to −0.10]
__________________________________________________________________________________________________________________________________________________________________

‘Abundance/life-form’ models: detection ~ abundance and life-form group (others vs sward grasses) + landform
 (d) (e) (f)
Model fit statistics N-S R2 0.56 N-S R2 0.53 N-S R2 0.62
 Plot R2 0.48 (0.42, 0.31) Plot R2 0.32 (0.34, 0.38) Plot R2 0.52 (0.75, 0.36)
Abundance coefficient   
Ln Recce cover  −0.56 [−0.71, −0.43] 0.49 [0.37, 0.59] 0.64 [0.50, 0.77]
Life-form group coefficients 
Sward grass  <reference group>
Dicot composite herb (erect) 0.56 [−0.54, 1.67] −0.39 [−1.43, 0.55] −0.42 [−1.62, 0.71]
Dicot composite herb (cushion) 1.83 [0.78, 2.97] −3.04 [−4.55, −1.71] −1.27 [−2.58, 0.13]
Dicot non–composite herb −0.19 [−0.95, 0.60] 0.33 [−0.29, 1.09] 0.23 [−0.62, 1.16]
Dwarf grass −1.51 [−3.50, 0.45] 1.62 [0.21, 3.23] 0.97 [−0.74, 2.80]
Hawkweed* −0.45 [−2.56, 1.24] 1.02 [−0.63, 2.59] 0.11 [−1.81, 2.42]
Mat subshrub 0.47 [−0.92, 1.73] −0.36 [−1.43, 0.78] −1.12 [−2.57, 0.38]
Orchid 0.96 [−0.27, 2.24] −0.07 [−1.34, 1.09] −3.04 [−5.70, −0.83]
Rush 0.27 [−1.70, 2.11] 0.01 [−1.83, 2.03] −1.14 [−3.82, 1.68]
Sedge 0.11 [−1.67, 1.89] 0.10 [−1.55, 1.61] −0.64 [−2.76, 1.52]
Erect shrub 2.45 [1.04, 3.93] −2.08 [−3.63, −0.46] −1.87 [−3.65, −0.23]
Erect subshrub 1.24 [−0.10, 2.56] −0.48 [−1.61, 0.75] −2.22 [−3.80, −0.52]
Tussock grass 1.38 [−0.22, 2.95] −0.97 [−2.18, 0.22] −1.90 [−3.56, −0.18]
__________________________________________________________________________________________________________________________________________________________________
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Figure 7. Plot-scale averages and 95% confidence intervals from 
three sampling methods used to measure 24 vegetation plots in Lake 
Tekapo Scientific Reserve, showing (a) numbers of indigenous 
and exotic species observed per plot and (b) percentages of 
observed species that were indigenous (indigenous dominance 
of composition).

Less-abundant species were significantly more likely to 
be detected by the Recce method alone and by neither the 8Q 
nor the HF subsampling method, as shown by the reverse-s 
curve of ‘Recce alone’ conditional detection probability on 
abundance (Fig. 5b) and a negative abundance coefficient in 
our model (Table 1d). Conversely, rising detection-probability 
curves (Fig. 5b) and positive abundance coefficients (Table 
1e, f) show that the 8Q and HF subsampling methods were 
more likely to detect more-abundant species, and to miss less 
abundant species.

Species in the most spatially clustered life-form groups 
(indicated by lowest dispersion in Fig. 4b) were especially 
poorly detected by subsampling methods. After accounting 
for cover-abundance, species in the tall shrub and cushion-
forming composite herb (i.e. Raoulia species) life-form groups 
were most likely to be detected by the Recce method alone 
(i.e. missed by the 8Q and HF methods) and least likely to be 
detected by the 8Q method (Table 1d,e). Species of xerophytic 
dwarf grass (Poa maniototo, P. lindsayii or Agrostis muscosa) 
(the indigenous life-form group with high dispersion; Fig. 4b) 
had the lowest ‘Recce alone’ and the highest ‘8Q’ and ‘HF’ 
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Figure 6. Sample-based rarefaction curves from three sampling 
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lines) used to measure 24 vegetation plots in Lake Tekapo Scientific 
Reserve, showing (a) numbers of indigenous and exotic species 
observed (Sobs) and (b) percentages of observed species that were 
indigenous (indigenous dominance of composition) in relation to 
numbers of plots sampled.
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detection probabilities and were more likely to be detected 
by the 8Q method than sward grass species (Table 1d–f). 
The less-dispersed erect shrub, orchid, erect subshrub and 
tussock grass life-form groups had the lowest ‘HF’ detection 
probabilities and were significantly less likely to be detected 
by the HF method than sward grasses (Table 1f).

Diversity and dominance estimates varied with method and 
sample size
Our 8Q and HF subsampling methods recorded significantly 
fewer indigenous and exotic vascular plant species than the 
Recce (entire-plot) method. They also discriminated more 
against indigenous species, yielding lower estimates of 
indigenous dominance (% of observed species indigenous).

These differences were evident across all sample sizes 
(Figs 6a, b) and also in plot-average statistics (Figs 7a, b). 
Rarefied estimates of indigenous species Sobs and indigenous 
dominance from the Recce method were significantly higher 
than those from the 8Q and HF methods (bootstrapped 
Kolmogorov–Smirnov D[Sobs] 0.8636 and 0.9091, D[indigenous 
dominance] 0.8636 and 1.000, respectively, all P < 0.001). Sobs 
rarefaction curves for indigenous species from the 8Q and 
HF methods were not significantly different at P < 0.05 
(D[Sobs] 0.2273, P = 0.632) but indigenous dominance curves 
were (D[indigenous dominance] 0.4091, P = 0.049). At plot scales, 
95% HPDI of method coefficients in models of exotic and 
indigenous richness and indigenous dominance all excluded 
zero, indicating significant differences between plot-average 
statistics from the Recce and subsampling methods (Fig. 7).

Numbers of indigenous plant species observed increased 
more steeply than numbers of exotic species as more plots 
were sampled (Fig. 6a), and therefore indigenous dominance 
(% of observed species indigenous) increased with sample 
size (Fig. 6b). Sobs rarefaction curves for exotic species from 
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all methods approached asymptotes at 24 plots, but those for 
indigenous species continued to rise (Fig. 6a). This pattern 
suggests further sampling would have encountered more new 
indigenous species than new exotic species, so that indigenous 
dominance (Fig. 6b) would also have risen further.

Discussion

Species detection performance and biases
As we predicted, the different abundance distributions 
and spatial distributions of indigenous and exotic species 
significantly influenced their likelihood of detection by different 
vegetation plot sampling methods and sample sizes in our 
study. This led not only to different estimates of diversity, but 
also to different ratios of indigenous to exotic species (and 
therefore indigenous dominance estimates), from different 
sampling schemes.

Our HF and 8Q subsampling methods, which sampled 
small areas (totals 0.65 and 2.0 m2, respectively) of each 400 
m2 plot, most regularly failed to detect less abundant species. 
This detection bias is consistent with the universal prediction 
that fewer species will be encountered within smaller areas 
(Rosenzweig 1995) because fewer individuals are sampled 
(Gotelli & Colwell 2001). However, an important additional 
consequence was that the overlooked less abundant species 
were more often indigenous than exotic at our study site, so 
the proportion of species in the community that are indigenous 
was systematically underestimated.  Irrespective of their 
abundance, plant species were also less likely to be detected by 
the two subsampling methods in our study if they were more 
clustered in space. Furthermore, because more clustered species 
and plant life-form groups were predominantly indigenous, 
subsampling doubly discriminated against detection of 
indigenous plant species.

Together, these results show that the probability of 
detecting individual plant species in a sampling scheme is 
determined by their particular characteristics (both abundance 
and spatial arrangements) and that these characteristics may 
differ significantly between community components (in 
our study, between indigenous and exotic floras and among 
life-form groups). Our finding that these differences can 
significantly affect estimates of dominance adds to the existing 
understanding that diversity estimates require more effort 
where species abundances are uneven (Colwell & Coddington 
2004), and that plant detection probabilities vary in a complex 
manner with community-specific sizes and arrangements of 
plant clumps and the shape and size of sampling units and plots 
(e.g. Roxburgh & Chesson 1998; Huebner 2007).

A further novel finding of our study is that irrespective 
of method, the sampling of small numbers of plots also 
discriminated against the detection of indigenous species 
more than the detection of exotic species. Consequently, 
the percentage of indigenous species rose as the number of 
plots sampled increased, regardless of sampling method. 
This ‘sample-size dependence’ (Gotelli & Colwell 2001) of 
indigenous dominance of composition resembles sample-size 
dependence in taxonomic ratios, in which larger samples are 
known to produce higher ratios of species to genera and species 
to families (Maillefer 1929 cited in Gotelli & Colwell 2001). 
Taxonomic ratios (species-to-genera or species-to-families) 
rise because sampling curves for higher taxonomic levels, 
such as genera or families, reach asymptotes earlier than those 

for species nested within them. In our data, larger samples 
produced higher ratios of indigenous to exotic species because 
sampling curves for exotic species were lower, flatter, and 
appeared to be approaching asymptotes earlier than higher and 
more-continuously-increasing curves for indigenous species.

Implications for community-scale vegetation assessment
Our results caution against two methodological approaches that 
have been commonplace in published studies of New Zealand’s 
mixed indigenous–exotic grasslands. These are first, the 
measurement of vegetation properties within very small areas 
(typically quadrats or subplots arranged along transects or 
within larger plots, which we refer to as ‘subsampling’), and 
second, the use of plot average statistics, rather than rarefaction, 
to summarise properties of the plant diversity of the community.

Our results suggest vegetation statistics derived from 
small quadrats or subsamples within plots or along transects 
will be more misleading in plant communities where a high 
proportion of the floristic diversity is in species with low 
average abundance and where plant species have conspicuously 
clustered and uneven spatial distributions. This is consistent 
with other findings that reliable diversity estimates depend 
‘on the portion of the community in the sample; that is, its 
representativeness’ (e.g. Baltanas 1992).

It would also be unwise to directly compare measures 
derived from subsampling among different plant community 
types with different species’ abundance or spatial distributions. 
For example, differences in species’ abundance or spatial 
patterns might explain why the height-frequency method 
performed more poorly in our study than in higher elevation 
New Zealand tussock grasslands. Dickinson et al. (1997) 
found a ‘minimum of 75%, and an average of 89%’ of the 
plant species present within a 5 × 50 m (250 m2) strip also 
occurred within sixty 5 × 5-cm height-frequency sampling 
points. We recorded a minimum of 42%, and an average of 
54%, of the plant species present within a 20 × 20 m (400 
m2) Recce plot in 65 larger (10 × 10 cm) sampling points. 
Detection differences of this magnitude would profoundly alter 
comparisons of species density and diversity across different 
plant communities if not accounted for in analyses.

Community species richness is well known to be an ‘elusive 
quantity to measure properly’ (May 1988; Gotelli & Colwell 
2001). We show here that so too is indigenous dominance of 
the plant species composition of mixed indigenous–exotic 
communities. Strong, non-linear sample-size dependence of 
ratios of indigenous to exotic species at our study site meant 
that plot-scale averages greatly underestimated indigenous 
dominance in the wider plant community. An applied resource 
management implication is that diversity and dominance 
estimates based on plot-averaging, or on few plots, could 
readily lead to underestimation of conservation value and the 
overestimation of effects of invasive species on community-
scale biodiversity. A similar conclusion was reached by 
Powell et al. (2013), who demonstrated that perceptions of 
biodiversity-change response to invasion depend on sampling 
scale at sites on the United States mainland and Hawai‘i. They 
showed that invasions reduced numbers of individuals, but not 
species, of resident plants, and therefore reduced the numbers 
of indigenous plant species detected at local scales, but not at 
larger scales. Properly estimating community-scale indigenous 
dominance in mixed indigenous-exotic communities requires 
the use of rarefaction curves. As with community species-
richness (Gotelli & Colwell 2001), the approaching of an 
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asymptote indicates adequacy of sampling effort, and only 
asymptotic dominance estimates can be validly compared 
among communities.

Four community properties are thought to determine shapes 
of species-area and sampling curves: the size of the species 
pool, species densities or packing (number of individuals 
per unit area), the distribution of commonness and rarity, 
and patterns of intraspecific spatial aggregation or clustering 
(Preston 1962; May 1988; He & Legendre 2002; Chase & 
Knight 2013). Rarefaction showed that at least three of these 
drove significantly different scaling of exotic and indigenous 
species richness, and hence sample-size dependence of 
indigenous dominance at our site: there was a smaller pool of 
exotic species, and a significantly larger pool of less abundant 
and more-spatially-clustered indigenous species that required 
greater sampling effort and coverage to intercept. It seems likely 
that most other mixed indigenous–exotic plant communities 
in New Zealand (such as exotic forests, shrublands, and a 
variety of non-woody vegetation types) have indigenous and 
exotic floras that differ in the size of their species pools and the 
abundance and spatial distributions of their constituent species. 
If so, estimates of indigenous compositional dominance that 
average, rather than accumulate, species numbers across plots 
in these communities will also be meaningless at community 
scales.

Conclusions

Sampling smaller areas, subsampling plots (rather than 
their entire area), and using fewer plots significantly biased 
downwards estimates of indigenous species richness and 
dominance of species composition in our study. This was 
because rare, sparse, spatially-clustered species (which in 
our study happened to be mainly indigenous) were more 
difficult to detect than those that were abundant, ubiquitous 
and/or spatially well dispersed (which were mainly exotic). 
We conclude that reasonable assessments of species diversity 
and compositional dominance in mixed grassland plant 
communities such as ours require (1) systematic searching 
of plots of sufficient size to ensure coverage of species with 
low average abundance and uneven spatial distributions (i.e. 
here, at least 400 m2), and (2) the enumeration and comparison 
of floras using rarefaction, rather than plot-scale averaging. 
Gotelli and Colwell (2001) noted that rarefaction may have 
been avoided by ecologists in the past because calculations 
are computationally challenging, but readily available public 
domain software, such as EstimateS (Colwell 2013) and the 
‘vegan’ library for R (Oksanen et al. 2013), have removed 
this impediment for well over a decade. More routine use of 
rarefaction should not only improve reliability, transparency, 
and comparability in the measurement of common vegetation 
attributes, but also reveal new dimensions of biodiversity 
patterns and processes in studies of New Zealand’s ecological 
communities.
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